ABSTRACT: The eutrophication of sediments underlying marine fish farms is one of the major environmental concerns of the industry and regulatory agencies. In this study, a mechanistic model of sediment geochemistry was developed to: (1) determine maximum organic loads that can be degraded without leading to eutrophicated conditions, (2) predict the transition to suboxic conditions as a result of organic enrichment, and (3) predict sulfide levels in surface sediments, a key regulatory variable in Canada. A new definition is proposed for sediment assimilative capacity (AC) of marine fish farms, as the gross deposition rate of organic wastes that maximizes total organic carbon (C org ) degradation rates while preventing sediment sulfide accumulations in surface sediments (upper 2 cm) above regulatory limits (AC-H 2 S). Model results were consistent with empirical observations and highlight the influence that organic loading history, hydrodynamics, and microbial activity have on assimilative capacity. AC-H 2 S varied between 0.6 to 22.1 g C org m −2 d −1 in poorly flushed environments, with no upper limit defined in environments exposed to mean tidal currents > 9.5 cm s −1 (dispersion scenarios), where most fish farm organic wastes are dispersed to the far-field or resuspended after deposition below fish cages. The combination of diagenetic modelling and geochemical indicators may contribute significantly to the development of more effective tools for site selection and environmental management of marine fish farms. At this stage, the model should be considered as a proof of concept, developed with the purpose of verifying the utility of assimilative capacity for real-world application. Further validation is still required.
INTRODUCTION
Ensuring sustainable aquaculture production in coastal areas requires careful attention to environmental interactions with the benthos and water column. Among near-field interactions, the eutrophication of sediments underlying fish farm cages due to deposition of organic-rich solid wastes (feces, uneaten feed) represents a major factor influencing productive capacity and social licence to operate. The generation and release of organic wastes to the environment mostly depend on the farm size and husbandry practices (e.g. feed conversion rates, feeding strategies, fish biomass, etc.). Their dispersion in the water column and deposition to sediments depends on physical conditions, including hydrodynamics and water depth. Once at the bed, wastes can accumulate or be degraded, buried or resuspended in the water column. Degradation of organic wastes (by oxic and anoxic respiration) is a function of the supply of oxidants to surface sediments and the composition and successional stage of benthic communities carrying out degradation. These factors also define the recovery rate of fallowed sites and the return of geochemical and biological indicators to the bounds of natural variation.
The consequences of excessive organic loading are sediment hypoxia and prominence of anaerobic pro-cesses, notably sulfate reduction and release of sulfides toxic to infauna. Visual signs of this transition include the appearance of sulfur-oxidizing bac terial mats, shallowing of the redox potential dis continuity layer (RPD) (Mulsow et al. 2006) , and progressive loss of macrobenthic and meiofaunal com munities due to reducing conditions (Pearson & Rosenberg 1978 , Mazzola et al. 2000 , Meyer-Reil & Köster 2000 , Nilsson & Rosenberg 2000 , Buschmann et al. 2006 , Wilding et al. 2012 .
A cost-effective indicator used to monitor and research benthic impacts of salmon farming is the total sulfide (S 2− ) concentration (Wildish et al. 2001 , Hargrave et al. 2008 , which increases with organic loading as demonstrated by Brooks (2001) , Brooks & Mahnken (2003) , Holmer et al. (2005) , Hargrave et al. (2008) , and Hargrave (2010) . Its application in monitoring programs currently includes Maine (USA), Canada, Australia, and others. Unfortunately, this measure belies the complexity of sulfur dynamics in sediments and its interactions with organic wastes and other elemental cycles, notably iron. In ambient conditions (no farm), O 2 availability alternates between periods of surplus and deficit in relation with major consumptive processes (oxic respiration and oxidation of reduced substances), a dynamic that can be observed naturally at daily to seasonal scales. Sulfide produced by sulfate reduction can be reoxidized in the presence of O 2 or precipitated to elemental sulfur (S 0 ) and sulfide minerals (mostly FeS and FeS 2 ). Precipitation of sulfide minerals is an important mechanism that prevents sulfide diffusion and re-oxidation into the oxic zone of sediments, which mostly occurs under O 2 deficiency and low concentrations of metal oxides. The restoration of oxic conditions may occur by increased renewal and oxygenation of bottom waters, decreased organic carbon (C org ) loading, or reworking of surface sediments. The accumulation of precipitated sulfur and other reduced compounds (NH 3 , Fe 2+ , and Mn 2+ ) occurs naturally (Fossing et al. 2004 ), but it may strongly intensify in fish farm sediments.
Given the complexity of sediment biogeochemical interactions, and the wide range of coastal environments in which fish farms are located, the transition to anoxic conditions occurs neither at fixed wastage rates (i.e. fish cage output of organic wastes) nor at fixed deposition rates to sediments. The ability of sediments to digest organic input and remain oxic is referred to as assimilative capacity, and is an important criterion for maintaining ecosystem sedimentary services (Omori et al. 1994) . However, 'remain oxic' is a qualitative term that must be calibrated in terms of both oxygen and sulfide thresholds. Despite its importance, site-specific considerations of benthic assimilative capacity of organic wastes and dependencies on the local history of C org degradation (Zirino et al. 2013) are barely considered in managing and selection of fish farm sites. Based on observations, C org loading rates causing significant changes in benthic community structure and geochemical parameters, particularly sulfide, vary by an order of magnitude from 0.36 to 11.4 g C org m −2 d −1 (Cranston 1994 , Hargrave 1994 , Findlay & Watling 1997 , Gillibrand et al. 2002 , Fisheries and Oceans Canada 2004 , Chamberlain & Stucchi 2007 , Environment Canada 2009 , Chang et al. 2012 .
The relationship between organic deposition and benthic response is inherently a problem of sediment diagenesis. Previous models used to reproduce dynamics of fish farm sediments range from simplified depth-integrated models (Omori et al. 1994 , Silvert & Sowles 1996 , Stigebrandt et al. 2004 , De Gaetano et al. 2008 ) to more sophisticated approaches combining numerical models of fish growth at fish farms, particle dispersion and deposition, and benthic degradation (Brigolin et al. 2009 (Brigolin et al. , 2014 . Omori et al. (1994) and Stigebrandt et al. (2004) have proposed steady-state models to predict threshold of organic loading to sediments. We build on this work and extend it to consider temporal dynamics, microbial activity, and bottom water renewal.
In the present study, a coupled mechanistic model simulating the production of organic wastes and their dispersion, deposition, resuspension, and degradation in sediments underlying salmon farms was developed to investigate aquaculture−sediment interactions and local assimilative capacity. After assessing the performance of model predictions with field observations, the model was specifically used to (1) investigate the evolution of total dissolved sulfide concentrations in organically enriched sediments and its value as an indicator of sediment quality, as well as (2) predict the capacity of sediments to degrade organic wastes while avoiding undesired benthic conditions in a broad range of hydrodynamic conditions. The sensitivity of state variables to model parameterization was analyzed to constrain the contribution of major early diagenetic processes.
MATERIALS AND METHODS

Numerical model
The numerical model is composed of 3 modules representing a marine salmon farm, the surrounding water column, and the benthos. Together, they simu-late the production of organic wastes at the fish farm and their fate once released to the environment (dispersion in the water column, deposition, degradation and accumulation in sediments). A detailed description of model equations and analytical forcing functions is provided in the Supplement (see Tables S1−S5 at www.int-res. com/ articles/ suppl/ q010 p309_ supp. pdf). A schematic of the model is provided in Fig. S1 in the Supplement. The model was implemented in MATLAB (MATLAB R2013a, The MathWorks). Time stepping was conducted using the forward Euler method. Forcing conditions and diagenetic simulations were simultaneously computed. As result, a small time step (10 s) was required to solve sub-hour changes in net deposition and oxidant concentration (e.g. O 2 ) in bottom water.
Fish farm operation and organic waste production
The production of organic wastes, including lost (un eaten) feed and feces, assumes a representative fish farm production cycle with the parameters listed in Table 1 . Feeding practices of salmonids, including feeding frequency, ration size, and diet composition, vary considerably with body weight (measured on a scale) and length, and with growing conditions (culture density, temperature, and O 2 renewal within cages) (Stead & Laird 2002 , Kaushik 2013 . Feeding frequency of adult fish in net cages varies from 2 to 7 times per day, with twice per day being the most representative of current farming practices. Feeding times are usually ad justed to avoid ebb/flood maximum when most of the fish activity is concentrated in maintaining position, as well as during slack tides, which may induce suboxic conditions due to low water renewal and increased metabolic activity. Organic carbon content in feed pellets and feces ranges between 49.6% and 57%, and between 27.6% and 33%, respectively (Brigolin et al. 2014 , Chang et al. 2014 . Diet composition may vary from high protein content in summer to favour muscle growth, to high energy content in winter to ensure muscle maintenance. Fish farm densities range between 10 and 17 kg m −3 depending on salmonid species, but may reach up to 30 kg m −3
. The typical salmon grow-out period ranges between 14 and 24 mo for eastern Canada. Based on these data, we forced the simulations by assuming: (1) a twice-per-day feeding schedule (20 min each, starting when the tidal current was decreasing and lower than mean current speed, u WC,mean ), (2) an average carbon content of 52.3% and 27.9% in feed pellets and feces, respectively, and (3) a salmon grow-out period of 18 mo. Fish were assumed to be adults and size dependence of fecal output was not incorporated at this stage. Due to this last assumption, a conservative culture density of 8 kg m −3 was assumed in all simulations. Feed wastage, as a percentage of feed supply, currently averages ~3%, but may be as high as 8% (Cromey et al. 2002a , Stucchi et al. 2005 , Chang et al. 2014 . Assuming the parameters listed in Table 1 , the wastage rate of feces and lost feed coming out at the base of the fish cage varies between 15.8 and 27.3 g C org m −2 d −1 for a feed wastage of 3% and 8%, respectively. Total waste produced during the entire production cycle is between 163 kg (3% feed wastage) and 234 kg (8% feed wastage) per tonne of fish produced. Both values are within the range reported in the literature that may reach up to ~1 tonne of organic waste per tonne of fish produced (Silvert & Sowles 1996) . Feces represent the majority of aquaculture wastes (76%) assuming 3% feed wastage, and decreases to 53% assuming an 8% feed wastage. The feed conversion ratio (FCR, dry feed used per wet biomass of fish produced) is estimated to be ~1.2 due to improvements in feeding technology and feed ingredients (Wang et al. 2012) . The FCR calculated from Table 1 (1.45 and 1.47 for the 3 and 8% feed wastage rates, respectively), was higher than ex pected for current farming practices; nonetheless, these values are only referential, as they do not consider fish size dependencies of feeding rates and feed properties. Stucchi et al. (2005) , Petersen et al. (2005) , and Chang et al. (2014) . Digestion coefficient represents the proportion assimilated of ingested feed Dispersion of organic wastes in water column and deposition to sediments Dispersion of organic wastes in the water column is controlled by water depth, free-stream bottom current speed (u WC ), and settling velocities of feces and feed pellets (Eq. S13, Table S5 ) (Stucchi et al. 2005) . u WC followed a semidiurnal tidal cycle (12 h and 25 min; Eq. S10 in Table S5 ), and does not include local variations due to waves or coastal currents, nor more extreme events such as storms. We assumed in all simulations a constant depth of 35 m, no vertical changes in current speed with depth above the benthic boundary layer, and waste particles homogeneously released at the base of the fish cage (20 m wide and 15 m high).
Once at the bottom, the net deposition of organic wastes was controlled by bed shear stress (τ u ), and critical shear stress for erosion (τ ce ) and deposition (τ cd ) (Eqs. S12, S14 and S18 in Table S5 ), assumed to be equal to 0.0179 and 0.004 N m −2 , respectively (Cromey et al. 2002b) , with no distinction between feces and lost feed. The erosion rate of organic wastes was calculated as a function of the erodibility constant (k waste ) and the excess shear stress. Resuspension of organic fish wastes occurred when τ u was higher than the critical shear stress (τ c ) defined for organic wastes. Only particles accumulated at the sediment surface (i.e. the first layer of the depthresolved model) were subject to erosion, not the material within the sediments. Ambient particulate organic carbon (POC) deposition was incorporated directly into sediments as described below, but, unlike aquaculture waste, no resuspension was assumed after deposition.
Diagenetic processes in sediments
A one-dimensional transport-reaction model was developed to simulate the response of fish farm sediments to organic enrichment. The biologically active sediment layer, where C org degradation takes place, was assumed to be equal to 50 cm. The model domain was divided vertically into 60 layers (from the surface down 20 layers of 0.25 cm, 10 layers of 0.5 cm, 20 layers of 1 cm, and 10 layers of 2 cm). A finer discretization was defined close to the surface to allow description of strong concentration gradients expected in fish farm sediments.
The general diagenetic equations for solute (C i , µmol cm −3 solid, Eq. 1) and solid (S i , µmol cm −3 porewater, Eq. 2) species is described as follows:
In the above equations, z is the depth below the sediment−water interface (cm), ϕ is porosity (dimensionless; assumed to be constant in depth and time), ϕ s is solid porosity (1 -ϕ) Table S1 .
External forcing was imposed as variations in tidal current speed (u WC ), concentration of solute compounds in bottom waters, and solid deposition rates (POC flux,SWI , Waste flux,SWI , FeOOH dep ). Bottomwater concentration of O 2 and SO 4 2− was calculated at every time step based on the current speed and the concentration difference between the boundary value representing far-field water and the bottom water immediately above sediments (transport processes T1−3, Table S3 ). The far-field water column had O 2 saturation at the given temperature and salinity, constant SO 4 2− concentration (28 mM), and no reduced compounds (total S 2− , Fe 2+ ). At the lower boundary, flux of solutes was set to zero, while solids (C org , Fe 3+ ) were permanently buried according to burial velocity (w sed ) and the concentration of solids at depth. The reaction network includes 12 chemical species, 4 elemental cycles (C, O, S, and Fe), and 9 redox re actions ( Table 2) . Two C org pools with specific degradation rates were con sidered: am bient POC and aquaculture organic wastes (feed pellets and feces). Production and net deposition of feces and lost feed were calculated separately, but once in sediments they were considered as a single de gradable pool (feed pellets + feces).
In the model, C org degradation is carried out by oxic respiration (reaction term R2, Table S2 ), sulfate reduction (R3) and iron reduction (R4). Maximum degradation rates of POC and aquaculture wastes were equal to 0.1 and 1 yr −1 , respectively. The values were chosen based on reported decay rates by Cromey et al. (1998) , Brigolin et al. (2009), and Paraska et al. (2014) . Denitrification was omitted from the model as its contribution to organic waste degradation is expected to be mostly restricted to initial stages of organic enrichment. Reduced metabolites can be either re-oxidized (R5, R6) or precipitated (R7−R9 ; Fossing et al. 2004) , and affected only by biogeochemical processing, not by resuspension.
The simplification of the reaction network compared to more sophisticated one-dimensional diagenetic models (Boudreau 1996 ) is a consequence of the long-term goal to perform manageable calculations for decision-makers. Stoichiometric relationships in C org degradation were based on Redfield ratios. Oxidant limitation and inhibition terms in redox reactions were expressed through Monod-type hyperbolic functions and reciprocal hyperbolic functions, respectively (Table S4 ). The concentration of solutes (O 2 , total S 2− ) and particles (C org ) are reported as mean values for the upper 2 cm of sediments. This distinction is required as monitoring programs of fish farm sites in Canada report sulfide and organic matter content only for this layer (Chang & Page 2011 , NBDELG 2012 , NSDFA 2014 , Fisheries and Oceans Canada 2015 .
Bioturbation. The biologically mediated transport of solutes across the sediment−water interface was simulated according to Hammond & Fuller (1979) .
Their formulation of exchange across the sediment− water interface is calculated as a function of the difference in solute concentration between sediment and overlying bottom water times the exchange velocity (ν) (Eq. 2). We chose this formulation to reduce the uncertainty of separately modelling biodiffusion and bioirrigation (non-local exchange) processes. Bioturbation of solids was simulated using a biodiffusion coefficient (D b ).
In addition, a controlling factor of biological transport (K v ) was added to account for detrimental effects of toxic H 2 S concentration on macrofaunal activity (Eq. S16, Table S5 ). In the model, macrofaunal communities become inactive with no bio-transport at sulfide concentrations in sediments > 5000 µM (Brigolin et al. 2009 ). The K v factor (0 to 1) expresses the current state of faunal bioturbation and how quickly they recover or become inactive according to benthic stress.
Microbial dynamics. Microbial activity (M SL ) was explicitly simulated in the model. Its incorporation was required to account for the expected increase in microbial activity in fish farm sediments. According to Vezzulli et al. (2002) and La Rosa et al. (2001) , bacterial abundance may increase up to 3-fold in sediments beneath fish farm cages. Microbial activity in sediments, including aerobic and anaerobic metabolism, was explicitly modelled assuming facultative metabolism and a discrete logistic growth model according to Talin et al. (2003) . The growth rate was jointly determined by the intrinsic growth rate (d −1 ), which is proportional to C org degradation (R2 to R4, Table S2 ), and a variable carrying capacity that de pends on C org availability (Eq. S9, Table S1 ). The relative change in microbial activity is reduced as its biomass increases, approaching zero as the carrying capacity is reached. Formulation of Talin et al. (2003) was unchanged except by the incorporation of a partitioning factor of microbial activity (PF M ) among different metabolic pathways (see R2−R4 in Table S2 and Eqs. S20−S22 in Table S5 ). M SL in reaction terms R2−R4 (Table S2) is dimensionless, and may be viewed as an enhancement factor of C org degradation. ∂M/∂t, the rate of change of microbes (M ) over time, has units of d −1 . Parameterization. Most model parameters were taken from the literature (reaction rates, half-saturation constants, stoichiometric coefficients, and temperature dependence coefficients), and some were adjusted manually within the range of published data, in order to correctly reproduce field observations (Table S6 in the Supplement).
POC production and export to bottom waters Ambient POC deposition was assumed to be constant and equal to 0.42 g C org m
. This value is within the reported range for shallow coastal environments in eastern Canada (Hargrave 1994 , 1995 , Hatcher et al. 1994 , Burt et al. 2013 , and is considered typical of oligotrophic to mesotrophic coastal systems (Eyre & Ferguson 2009 ).
Sensitivity analysis
The sensitivity of state variables to changes in model parameters and forcing conditions was evaluated following Jørgensen & Bendoricchio (2001) and Chapelle et al. (2000) . The parameters tested include boundary conditions, transport and reaction parameters, saturation and inhibition coefficients, sedimentary coefficients, and those related to benthic activity. A sensitivity index IS% was calculated as: (3) where p is the percentage of parameter variation (±10%) in relation to the range of values described for each parameter, and (x i -x i ref ) represents the change in the state variable (x i ) in relation to a reference value (x i ref )
. The sensitivity to changes in model parameterization was tested for 2 key variables: O 2 consumption rates (chemical and biological) and sulfide concentration in surface sediments. Main results of the sensitivity analysis are reported in the first section of the 'Results', and complementary data are presented in the Supplement ( Fig. S2 and Table S7 ). In addition, a mass balance calculation of POC, O 2 , H 2 S and Fe(III) at steady-state was calculated to ensure mass conservation.
Geochemical indices
Two geochemical indicators were monitored in simulations: total sulfide (total S 2− ) concentration in sediments, and the degradation efficiency, defined as the ratio between daily-averaged C org degradation rates and gross deposition rates (expressed as a percentage when multiplied by 100). C org degradation efficiency was calculated by integration of time series of gross deposition (i.e. particles arriving at the sediment surface) and depth-integrated degradation rates for the periods of interest (e.g. throughout the fish farm cycle). Values that are lower than 1 can be explained either by the accumulation of organic wastes in non-dispersive conditions or by erosion in dispersive conditions.
Assimilative capacity of fish farm organic wastes
The assimilative capacity of sediments was determined based on their ability to oxidize organic carbon and prevent the development of reducing conditions, as shown conceptually in Fig. 1 . It is assumed that total C org degradation (aerobic and anaerobic, black line) increases with C org deposition. As waste net deposition increases, the relative contribution of oxic respiration (dotted black line) to total C org degradation is expected to decrease as a result of increased anaerobic degradation. In the present study, the assimilative capacity of organic wastes was defined as the gross C org deposition rate (g m
) that can be degraded in a particular sedimentary environment without leading to sulfide concentration above regulated limits in Canada (sulfide >1500 µM in the upper 2 cm of sediments; AC-H 2 S; Hargrave et al. 2008 , NBDENV 2012 , NSDFA 2014 .
Based on the former definition and associated criteria, environmental management of aquaculture sites is considered successful if gross deposition of C org , including ambient and fish farm loading, is below the
Fig. 1. Conceptual representation of assimilative capacity (AC-H 2 S) of organic-rich solid wastes in sediments underlying fish farm cages. Total and oxic respiration are represented by black solid and dashed lines, respectively, while O 2 and total S 2− concentrations are represented by blue and red lines, respectively. The green circles represent the highest C org loading rate (particulate organic carbon + organic wastes, net value) feasible to be assimilated by benthic communities while preventing toxic sulfide concentration to rise above the regulatory limit in Canada local sediment assimilative capacity. Assimilative capacity is reported using gross instead of net deposition (deposition − erosion) to be able to compare model results with empirical and model estimations of sediment assimilative capacity and waste deposition. Assimilative capacity was predicted based on scenario analysis, but also more formally using constrained optimizations. Optimization analysis consisted of the iterative adjustment of wastage rates (fish cage outputs) to produce gross deposition at assimilative capacity. We stress that this criterion allows for some anaerobic degradation without exceeding AC-H 2 S. The estimation of AC-H 2 S throughout constrained optimization implies that microbial activity (M SL ) has steady growth to reach maximum capacity for degrading organic wastes (∂M/∂t = 0). To investigate the implications of the latter assumption we compared constrained values (steady-state solution) with results of scenario analysis (non-steady state solution).
Scenario simulations
Simulations were carried out in 4 hydrodynamic scenarios covering poorly flushed (low shear stress) to well-flushed conditions (high shear stress). Table 3 specifies the hydrodynamic conditions and the sediment parameters for each scenario, identified as high and low deposition (H-DEPO and L-DEPO), and low and high dispersion (L-DISP and H-DISP), respectively. Average free-stream bottom current speeds (u WC,mean ) were equal to 3, 5, 9, and 11 cm s −1 , respectively. Maximum current speeds exerted by tides were equal to 6.2, 10.3, 18.5, and 22.6 cm s −1 , respectively. Dispersive from non-dispersive (depositional) sites are differentiated based on the mean tidal current (u WC,mean ), the threshold being 9.5 cm s −1 , the free-stream speed at which resuspension of solid wastes is initiated (corresponding to τ c > τ u ). On average, u WC was above the threshold current speed for resuspension during 0% (H-DEPO), 17.6% (L-DEPO), 49.1% (L-DISP), and 55.1% (H-DISP) of a full tidal cycle. Sedi ment porosity was constant at 0.8 in all simulations.
Simulations of fish farm activities and deposition of organic wastes were initiated once steady-state conditions were achieved in sediments exposed to ambient C org deposition. Total waste production for the entire farming cycle (g C org m −2 ), and its fate once released to the environment (deposition, erosion, degradation, burial, and accumulation in surface sediments), was calculated by integration of the resulting time series. In order to represent the broad spectrum of husbandry practices at the fish farm, we ran simulations assuming feed wastage between 3% (highly efficient) and 8% (inefficient), and either a constant wastage rate (i.e. no diel variation in feeding rate, specifically in constrained optimizations) or twice-per-day feeding for 20 min each (in scenario analysis). In the latter case, lost feed to the environment only occurs during feeding time.
Ambient POC deposition (non-farm) was assumed to be equal to 0.42 g C org m −2 d −1 in all scenarios (Table 3) . No resuspension was considered for ambient deposits. Similarly, sediment properties, including porosity and burial velocity, were assumed to be constant among scenarios. Only the O 2 concentration in bottom waters was free to vary as described previously.
RESULTS
Mass conservation and sensitivity of variables to model parameterization
The model is stable, that is to say, it does not collapse due to errors such as round-off or discretization, and provides reasonable results across a wide range , the sensitivity of the state variables in all cases was lower than 5%, which indicates the robustness of the model to changes in forcing conditions and parameterization (Hochard et al. 2010) .
Sediment metabolism in ambient conditions
Under ambient deposition, model predictions show that sediment O 2 demand does not affect the O 2 concentration significantly in bottom water under any scenario. As a result, no differences in the benthic processes were predicted among scenarios when exposed to ambient deposition. We recall that no resuspension was allowed for ambient deposits. TOU at steady state was equal to 3.7 mmol m −2 d −1
, dominated by oxic respiration (61%). Chemical O 2 demand (COD) contributed the remaining 39%, being largely dominated by sulfide reoxidation (97%). Degradation efficiency was equal to 84%; the remaining fraction was buried within sediments (16%). Sulfate reduction dominated C org de gradation (85%), followed by oxic respiration (14%). Sulfide concentration predicted in surface sediments (upper 2 cm) was equal to 859 µM. Expressed as % solids (g C org g dry sediment −1 × 100), C org concentration under ambient conditions was equal to 0.82%.
Sediment dynamics during fish farm operations
The impact of organic enrichment on TOU, the accumulation of reduced by-products (H 2 S, Fe 2+ ), and depletion of oxidants in sediments varied depending on wastage rate from the fish cage and hydrodynamic conditions (H-DEPO to H-DISP). Fig. 2 exemplifies the transient response of sediments exposed to fish farm wastes in the H-DEPO scenario. The simulation was initiated from ambient deposition and assuming a single fish farm cycle according to Table 1 , twice-per-day feeding, and a 3% feed wastage. The daily-accumulated wastage rate under these conditions was equal to 19.4 g C org m −2 d −1
Transient dynamics
, of which 75% corresponded to feces and 25% to lost feed. As observed in Fig. 2A , gross deposition of organic wastes varied significantly within the day as a result of changes in dispersion of particle wastes due to tidal currents, as well as variations in waste production (maximum of ~34 g m −2 d −1 during feeding time).
TOU increased significantly after exposure to organic wastes (up to 15. oxidation and Fe 2+ oxidation. Similar to the sediments exposed to ambient deposition, COD in fish farm sediments was largely dominated by sulfide oxidation.
Expressed as % solids (i.e. g C org g solid −1 × 100), the C org concentrations (POC plus organic wastes) in surface sediments by completion of the fish farm cycle was equal to 2.6% in the H-DEPO scenario (Table 4) .
After cessation of organic waste deposition (fish harvest), sediment recovery was characterized by a slow decrease of oxic respiration, and of the content of sulfide and organic matter. The recovery of oxic and chemical O 2 demand to background levels in the H-DEPO scenario (Fig. 2B ) lasts more than a year according to simulations; nonetheless, this model does not consider the occurrence of stochastic events, such as winter storms that may accelerate sediment recovery.
The degradation efficiency, defined as the ratio between organic waste degradation and gross deposition, increased significantly throughout the farming cycle in H-DEPO as a result of sustained increases in microbial activity and sedimentary C org (Fig. 3A) . This increase in degradative capacity over time occurred despite detrimental effects of or ganic enrichment on bioturbation activity. The greatest changes in degradation efficiency of organic wastes were predicted in the H-DEPO scenario, from values close to zero at the beginning of the farming cycle tõ 30% at completion. Degradation efficiency was close to zero in the L-and H-DISP sce narios due to almost null net deposition of organic wastes.
Degradation efficiency was calculated based on daily averaged organic waste degradation and gross deposition rates. This was required to eliminate strong variations in degradation efficiency caused by changes in organic waste deposition within the day (due to changes in currents and feeding time). The remaining variation observed in Fig. 3A , particularly in the DEPO scenarios, is caused by variations in the daily accumulated C org deposition rates due to the daily offset of the simulated tidal current (~25 min d −1
). Fig. 4 shows the evolution of microbial activity, which increased through the fish farm cycle, following the dynamic of the C org concentration. Microbial activity was predicted to enhance C org degradation rates up to 3-fold compared to simulations without the microbial sub-model. This agrees with observations by Vezzulli et al. (2002) and La Rosa et al. (2001) . Table 1 and assuming a feed wastage of 3%. Vertical gray lines at 0.5 and 1.97 yr delineate the farming cycle. This simulation corresponds to the high deposition case (H-DEPO) defined in Table 3 . Parameters of the simulation are as follows: length of fish farm production cycle, 18 mo; mean free-stream bottom current speed, 3.1 ± 2.2 cm s ). The total amount of waste generated throughout the farming cycle (540 d) was equal to 10.5 kg m −2 (assuming a 3% feed wastage and parameters listed in Table 1 ). Ambient deposition in the same period was equal to 0.23 kg C org m −2 . As observed in Fig. 5A , the dispersion of organic wastes in the water column was considerable and increased with mean tidal current (higher at H-DISP). Mass erosion was low at both hydrodynamic extremes (H-DEPO and H-DISP), either because most of the time current speed was below critical current speed for resuspension (in H-DEPO), or because little organic material was available for resuspension (in H-DISP). The highest resuspension was predicted under the intermediate hydrodynamic scenarios (L-DEPO and L-DISP), where the exchange of solids at the sediment surface was the highest.
The dispersion of solid wastes in the water column was the major factor controlling the fate of solid wastes. Within the farming cycle, sediment burial at the lower boundary (50 cm) was negligible in all scenarios, and accumulation of organic wastes was only predicted in L-DEPO (1.68 kg m −2 ). Erosion played a significant role in the fate of solid wastes after deposition, particularly in L-DEPO). Erosion in Land H-DISP was lower compared to L-DEPO due to the relatively higher predicted dispersion in the water column. Hereafter, we do not discuss organic waste degradation in L-and H-DISP, as net deposition was negligible in both scenarios (Fig. 5A) . The latter does not imply that the net deposition of organic wastes may have a significant impact on sediment geochemistry at different farming (e.g. higher density) or hydrodynamic regimes (e.g. shallower depth). Accumulated over the entire fish farm production cycle, 26.2% and 0.5% of predicted gross Table 3 Fig. 4. Microbial activity (dimensionless) in sediments exposed to organic enrichments according to parameters of Table 2 and assuming a feed wastage of 3%. Vertical lines at 0.5 and 1.97 yr delineate the farming cycle. This simulation corresponds to the high deposition case (H-DEPO) defined in 'Materials and methods' waste deposits were degraded locally within the farming cycle in H-DEPO and L-DEPO, respectively (Figs. 4B & 5A, Table 4 ). As observed in Fig. 5B , sulfate reduction was the dominant pathway of organic waste degradation in non-dispersive conditions, accounting for 89% (H-DEPO) and 94% (L-DEPO) of total C org degradation.
Assimilative capacity
Scenario analysis
Scenario analyses were carried out assuming a fish farm cycle according to Table 1 , twice-perday feeding, and a percent feed wastage between zero (ambient deposition) and 8%. All simulations were initiated under ambient conditions, implying no previous exposure to organic wastes. Fig. 6 shows gross deposition rates and benthic processes as a function of the percent feed wastage for the different hydrodynamic scenarios described in Table 3 .
Gross deposition rates increased with percent feed wastage, reaching up to 6.4 g C m −2 d −1 in H-DEPO when assuming an 8% feed wastage (Fig. 6A) . Degradation efficiency was calculated based on daily averaged C org degradation and gross deposition rates. Gross C org deposition rates represent the flux that reaches sediments prior resuspension, but after dispersion in the water column. The surface concentrations of C org , O 2 , and total S 2− are reported for the upper 2 cm of sediments. Mean values were calculated considering the entire farming cycle (540 d ) and digestive coefficients (80%), among other fish farm parameters in Table 1 , were constant in all simulations, so variations in these parameters may significantly affect predicted production and deposition of organic wastes. Fig. 6C shows the mean C org degradation rate calculated as a function of the percent feed wastage (for H-DEPO to H-DISP). Maximum predicted C org degradation rate in H-DEPO was 1.4 g C m -2 d -1 (Fig. 6C) , which became limited by oxidant supply (O 2 , SO 4 2-) at any % feed wastage greater than 0.8%. Oxic respiration in fish farm sediments was lower than 10% in all hydrodynamic scenarios.
During fish culture, the nondispersive scenarios showed significant increases in total S 2− (Fig. 6D ), up to ~5800 µM in H-DEPO. This value is considered within the range of hypoxic to anoxic conditions ac cording to Hargrave et al. (2008) . At this level of sulfide accumulation, severe effects on sediment macro infauna are expected in sediments. No increases above the ambient condition were predicted in sulfide concentration in the remaining hydrodynamic scenarios (Table 4) .
As observed in Fig. 6C , a slight decrease in C org degradation rates was predicted in the L-DEPO scenario with increases in waste deposition (represented here by the percent feed wastage). Likewise, the maximum predicted sulfide concentration in surface sediments (upper 2 cm) followed a similar pattern, decreasing from ~5800 µM when exposed to the lowest % feed wastage tested in the model (0.8%) to Table 5 . Assimilative capacity of organic wastes that prevent sulfide concentration >1500 µM in surface sediments (upper 2 cm) (AC-H 2 S). Degradation efficiency represents how much is predicted to be locally degraded in sediments in relation to gross waste deposition, the remaining fraction being resuspended, buried or accumulated in sediments by the end of the fish farm cycle. H-DEPO and L-DEPO: high and low deposition; L-DISP and H-DISP: low and high dispersion. NL: no limit based on AC-H 2 S 5050 µM when exposed to an 8% feed wastage (Fig. 6D) . This pattern was caused by the different ap proaches (i.e. formulas) used in the model to simulate C org degradation rates (based on MichaelisMenten kinetics, R2, Table S2 ) and sulfide reoxidation (first-order reaction linearly dependent on sulfide and oxygen concentration, R8, Table S2 ). The difference in model formulation results in relatively higher reoxidation rates of sulfide with O 2 compared to the C org degradation rates when exposed to increasing levels of organic waste deposition.
Most of the produced sulfide under ambient conditions (non-farm) was reoxidized to SO 4 2− (R5, Table 2 ), while precipitation to elemental sulfur (R7, Table 2 ) and to FeS (R8, Table 2 ) was negligible. In sediments exposed to organic farm wastes, the prediction shows that most of the sulfide was reoxidized with O 2 or diffused out of sediments under anoxic conditions. In fish farm sediments, Fe 2+ accumulated to concentrations up to 11.6 µM (H-DEPO, 8% feed wastage). FeS precipitation increased significantly with increases in organic waste deposition due to the accumulation of reduced by-products (Fe 2+ and total S 2− ). Escape of dissolved Fe 2+ to bottom waters was also predicted in anoxic conditions due to low reoxidation rates.
Constrained optimizations
Our estimates of the assimilative capacity of fish farm organic wastes through constrained optimizations, expressed as assimilable gross deposition, are site-specific, and dependent on hydrodynamics, background (ambient) deposition, bioturbation, and microbial activity. Except for porosity, these variables are time-dependent in the model. As mentioned above, assimilative capacity (AC-H 2 S) was defined as the gross C org deposition rate that prevented sulfide concentration above 1500 µM in surface sediments (upper 2 cm). AC-H 2 S increased from 0.6 ± 0.3 g C org m −2 d −1 in H-DEPO to 100.1 ± 2.7 g C org m −2 d −1 in H-DISP (Table 5 ). The high assimilative capacity in H-DISP is due to significant dispersion of organic wastes predicted in this scenario. As observed in Table 5 , the degradation efficiency at AC-H 2 S de creased considerably from 41% in H-DEPO to 0.2% in H-DISP. The decrease in degradation efficiency toward H-DISP was mostly due to increased erosion of wastes.
Net deposition represents the specific amount of organic material that remains in sediments after erosion, and therefore that is susceptible to degradation. The net deposition of organic wastes at AC-H 2 S was predicted to be equal to 0.2 g C org m −2 d −1 and did not differ between hydrodynamic scenarios as sediment properties were the same, particularly porosity. This amount represents the amount of organic carbon that can be degraded on top of ambient deposition without exceeding AC-H 2 S.
Maximum wastage rates and culture densities
According to model predictions, the maximum wastage rate assuming an 8% feed wastage was equal to 27.4 g C m −2 d −1
; however, it increased at higher culture densities (e.g. ~59 g C m −2 d −1 at 17 kg m −3
). The predicted wastage rates at AC-H 2 S are equal to 2.3, 148.4, 803.2 g C org m −2 d −1 for H-DEPO, L-DEPO, and L-DISP, respectively. These values were calculated based on average dispersion coefficients (Table 5 ) estimated for each scenario (i.e. the average fraction of produced wastes deposited out of the fish cage bottom area). Assuming a feed wastage of 3%, fish may be cultured in H-DEPO without exceeding AC-H 2 S at culture densities as high as 3.2 kg m −3
(not commercially viable). In contrast, and according to model predictions, fish production in L-DEPO to H-DISP is not limited by AC-H 2 S.
A traffic-light model of the local environmental sustainability of fish farm operations was developed based on scenario simulations and benthic response to organic enrichment (Fig. 7) . The precautionary area (yellow) that separates sustainable (green) from unsustainable (red) aquaculture practices was established whenever a specific combination of wastage rate and hydrodynamic conditions led to sulfide concentration in surface sediments (upper 2 cm) between 1500 and 3000 µM (Fig. 7) . As expected, the area defining sustainable aquaculture practices (shown in green) decreased considerably with increased percent wastage rate, as well as toward the more depositional environments. As indicated above, H-DEPO provides less suitable conditions for fish farming, even at low culture density. In contrast, the DISP scenarios are those that present lower local accumulation of organic wastes.
DISCUSSION
Model performance and prediction
Although the simulations of transient sediment fluxes may be improved by a better representation of physical forcing (e.g. wave-driven porewater ex -change), geochemical (e.g. different C org pools), and biological processes (e.g. sediment irrigation), simple numerical models, such as the one presented here, provide a cost-effective approach to study the behaviour of sediments exposed to organic enrichment. Its simplicity relative to more sophisticated reactiontransport models facilitates the exploration of multiple scenarios (hydrodynamics, oxidant availability in bottom water, waste production, etc.), and, more importantly, allows us to explore the effects of the sustained accumulation of organic matter and metabolic by-products on assimilative capacity.
The introduction of an explicit formulation for microbial activity, based on Talin et al. (2003) , allowed us to speculate on the impact of microbial dynamics on C org degradation. Future considerations may consider the impact of chemotherapeutic (e.g. antibiotics) on microbial activity, and of stochastic events (short-term hypoxia, storms) on C org degradation rates.
The incorporation of optimization techniques as a complement to more traditional scenario analysis allows the prediction of sediment assimilative capacity based on predefined environmental goals. Constrained optimizations were carried out by gradually increasing gross C org deposition rates until assimilative capacity was reached. At assimilative capacity, all biological (bioturbation and microbial activity) and geochemical (concentration of C org , oxidants, and reduced by-products) variables reach equilibrium in sediments. This steady-state condition is hardly met in real farm operations since sediments are usually exposed to highly variable organic deposition rates. This situation may increase the chance of an early transition to suboxic conditions depending on the response time of macrofaunal and microbial communities to the changes in organic deposition. Despite the assumption of steady-state conditions, model results showed close agreement between constrained optimizations and scenario analysis. This fact highlights the potential role that other factors, beyond benthic adaptation, play on the sediment assimilative capacity (e.g. bottom oxidant renewal).
Also relevant for model predictions was the incorporation of husbandry practices at the fish farm. The model is forced by wastage rates and associated parameters (culture density, digestive coefficients, and feeding strategy). This allowed us to link benthic processes to the fish farm operation, an aspect missing in most approaches of environmental impact assessment of organic enrichment. A recent exception to this is provided by Brigolin et al. (2014) .
The model uses analytical forcing (tidal current, waste deposition), and is not explicitly ground-truthed, although an assessment of model performance is provided by comparing fluxes, rates, and state variables (C org and H 2 S) with observations. Based on sediment trap data (Abo & Yokoyama 2007 , Brigolin et al. 2009 ) and model predictions (Chang et al. 2014 ), waste deposition rates to the seafloor may reach values as high as 25.4 g C org m −2 d −1 under current fish farm practices. The model predicts waste deposition rates (total daily gross values) to sediments underlying the fish cage as high as 6.4 g C org m −2 d −1 in the worstcase scenario considered in simulations (H-DEPO, 8% feed wastage). Despite the predicted accumulation of waste, H-DEPO does not represent the worst feasible scenario that can be produced by the model, as only ~22% of produced wastes were predicted to reach sediments immediately below the fish cage, the rest dispersed in the water column. A higher deposition may be predicted at lower depth or lower mean current speed.
Reported TOU for fish farm sediments reach up tõ 100 mmol m −2 d −1 (Findlay & Watling 1997 , Hargrave et al. 1997 . The TOU predictions for the high- ). Similarly, maximum C org concentration predicted in the simulations (2.6% dry weight, H-DEPO, 3% feed wastage; Fig. 2A ) was within the range reported for organically enriched sediments, which may reach up to ~10% in heavily loaded conditions (pellet layer) . Nonetheless, further data, particularly regarding hydrodynamic and gross deposition under the cages, are required for a direct comparison of scenario simulations and observations.
Our model predicts H-DEPO sulfide concentrations of ~6000 µM by the end of the fish farm cycle (3% feed wastage). Although observations by Hargrave et al. (1995) have shown sulfide concentrations > 3000 µM at C org concentrations as low as 1%, this is not necessarily the dominant pattern observed in organically enriched sediments. The high predicted sulfide concentration compared to the relatively low C org concentration suggests that the model might be overestimating sulfide concentration in surface sediments. Further adjustment of model parameters, particularly those related to solid burial (w sed ) and re oxidation of sulfide (k Total S 2-SL,ox1
), are required to better reproduce dominant patterns observed at aquaculture sites.
Sediment assimilative capacity
Only a few estimates of sediment assimilative capacity have been reported in the literature. C org loading rates causing marked anoxic conditions vary by an order of magnitude, from 0.36 to 11.4 g C org m −2 d −1 (Cranston 1994 , Hargrave 1994 , Findlay & Watling 1997 , Fisheries and Oceans Canada 2004 , Chamberlain & Stucchi 2007 , Environment Canada 2009 , Chang et al. 2012 . Based on empirical observations, Findlay & Watling (1997) ) in areas exposed to bottom currents of <10 cm s −1 may lead to anoxic conditions and formation of sulfur bacteria mats. Likewise, the Department of Environment of New Brunswick, Canada, has indicated that sulfide concentrations > 3000 µM and C org deposition rates > 2 g C org m −2 d −1 are the threshold levels at which adverse environmental effects are expected in sediments (NBDENV 2012) . These values agree with the site-specific maximum loading rates (gross values) predicted by the model, which range between 0.6 and 22.1 g C org m −2 d −1 in poorly flushed environments (H-and L-DEPO). According to simulations, AC-H 2 S does not limit farm production in environments exposed to mean tidal currents > 9.5 cm s −1 (DISP scenarios), where most fish farm organic wastes are dispersed to the far-field or resuspended after deposition.
In addition, model results suggest that ambient sediments initially exposed to organic wastes possess a higher assimilative capacity than sediments with an exposure history. The latter condition occurs when the oxidants have been partially or fully depleted, or when refractory organic wastes remain in sediments. This chronology, already emphasized in the literature (McGhie et al. 2000) , needs to be considered in management strategies of finfish aquaculture sites, as it affects the transition to suboxic conditions and the recovery time of fallowed sediments.
Assimilative capacity of sediments to degrade organic wastes is expected to increase in well-flushed environments due to the increased renewal of oxidants in bottom waters. In contrast, net C org deposition is expected to decrease as flushing increases. As a result, benthic metabolism may be primarily defined by the balance between oxidant availability and net C org deposition (deposition − erosion). Nonetheless, several additional factors add complexity to this relationship. First, animal−sediment relationships may play a major role in oxidant availability and C org degradation rates in sediments. Two variables are emphasized in this model: bioturbation and microbial activity. Sediment−water exchange of solutes is partially controlled by bioturbating activity, which in nature maximizes at intermediate C org loading rates and low concentration of reduced compounds such as sulfide. Only the effects of increased toxic sulfide concentration were incorporated in the model, not the effects of increased carbon availability, which should be included in future model developments. In contrast, microbial activity was represented explicitly, assuming growth rates directly proportional to C org degradation rates (combined aerobic and anaerobic). This factor is not usually considered in diagenetic models, where C org degradation is modelled as a function of oxidant availability and maximum degradation rates. According to model simulations, C org degradation efficiency increases with exposure time to organic wastes as a result of sustained increases in microbial activity. However, this prediction needs to be contrasted with the loss of macrofaunal biomass/ activity observed under heavily loaded conditions, and their impact on C org degradation rates.
A second relevant aspect for modelling sediment C org degradation is the accurate representation of transport mechanisms of solutes and particles across the sediment−water interface. Fish farms prefer sites with relatively high flushing rates to ensure adequate ventilation within cages, as well as to prevent excessive accumulation of organic wastes in beds underlying cages. The minimum current speed re quired for safe operation of fish farms varies according to fish size and fish density within cages (Page et al. 2005 , Solstorm et al. 2015 . Page et al. (2005) predicted that current speeds of ~2 cm s −1 for 40 min might induce O 2 depletion within fish cages stocked with pre-market salmon. This threshold varies with culture density but roughly indicates the lower current required for safe operation. On the other side, estimates of critical current speed causing fatigue in small and large postsmolts and adults range be tween 80.6 and 99.5 cm s −1 (Remen et al. 2016) . Within this range of current speed, sediment type may vary from cohesive muds to permeable sands, and, consequently, the dominant transport mechanisms within sediments. In sandy beds with permeabilities greater than 10 −12 m 2 , advection may play a significant role in the transport of solutes across the sediment−water interface (Huettel et al. 1998 ). Likewise, flow-and topography-induced advective fluxes can be enhanced by 50 times relative to molecular diffusion (Huettel et al. 2003) , and reach tens of centimetres within permeable sediments (Santos et al. 2012 ). This may significantly influence the capacity of sediments to degrade organic matter, particularly of dissolved compounds. Differences in porosity and permeability were not included in the model, nor were porewater flows associated with tidal pumping, flow-or topography-induced pressure gradients (Santos et al. 2012) . Accounting for the differences in surface and in-bed transport is important to improve modelled C org degradation at fish farm sediments.
Concepts and models
Our model demonstrates that the balance of culture density, waste production, and hydrodynamics can be used to simulate benthic metabolic responses to fish farm organic enrichment. Moreover, the model is used to formalize the definition of assimilative capacity in terms of a deposition rate (gross and net) that maintains predefined environmental quality criteria. We suggest that the model has significant applications to the regulatory environment, and fills a void in predicting benthic impacts of aquaculture, as well as in the planning of new farm sites.
The concept of sediment assimilative capacity was initially adopted from Omori et al. (1994, p. 73) , who define it as 'the capacity for oxygenic degradation [oxic respiration] of organic matter at the bottom of the system'. In their conceptual model, oxic respiration is assumed to peak at some intermediate organic carbon loading rate, the higher extreme dominated by anaerobic degradation. This peak and corresponding sulfide concentration represents the upper limit of oxic assimilative capacity, and of sustainable organic loading at fish farm sites. We build on this work and extend it to consider alternative sustainability criteria and some weaknesses associated with this definition and the modelling approach. The underlying as sumption of steady state in Omori's work implies no accumulation of organic material over time, the opposite case of sediments exposed to aquaculture wastes, especially in poorly flushed conditions. This assumption limits the capacity of the model to predict the temporal evolution of metabolic conditions in organically enriched sediments. Second, the occurrence of time lags in sulfide accumulation in relation to C org deposition may prevent its utilization as an indicator of assimilative capacity as proposed by Omori et al. (1994) . The immediate accumulation of sulfide may not necessarily be expected in all sedimentary environments exposed to organic enrichment. A lagged increase in sediment sulfide may occur if oxygen supply is greater than oxygen de mand in the initial stages of organic loading. This was not observed in the simulations, as they represent diffusion-dominated environments (muddy sediments), but it may be expected in permeable sediments subject to porewater advection, and therefore higher O 2 renewal. Evidence of time lags in ambient sediments has been documented by Luff & Moll (2004) and suggested as well by Chang et al. (2012) .
We chose a transient approach to simulate C org diagenesis below fish farm cages. Instead of determining C org deposition at the point of maximum oxic respiration, we used diagenetic modelling to estimate the C org deposition rate that maximizes total C org degradation while preventing sulfide concentration >1500 µM (AC-H 2 S). This ap proach allows us to consider the effects of C org accumulation and the background deposition over which organic enrichment occurs. This is critical in that the history of C org degradation and trophic condition (from oligotrophic to eutrophic) control the capacity of the benthos to deal with excess organic loading. Assimilative capacity is thus recognized as a finite and timeand space-dependent environmental threshold that may in crease or decrease according to the history of C org degradation, benthic composition, and sediment type.
We emphasize that C org degradation rates predicted in the simulations are largely dominated by anaerobic degradation, even in sediments exposed to ambient deposition. This is due to the vertical extent covered by the model (50 cm), which includes a large anoxic zone, as well as because sediments simulated here are of the muddy type, that is to say diffusiondominated. In this case, as opposed to permeable sands, oxic respiration is largely restricted to the upper millimetres of sediments.
Application to regulation
Successful environmental management of marine fish farms requires assurance that production levels are within an area's capacity. This also implies the maintenance of ecosystem function and state within desired limits, despite uncertainties in management systems and/or environmental conditions. The advancement of knowledge regarding sustainable limits of organic loading can promote the implementation of anticipatory rather than reactive management practices, decreasing the risk of self-pollution of aquaculture grounds. The combination of geochemical analysis and diagenetic modelling provides a valuable tool to accomplish this objective.
Monitoring of benthic health has been based on biological and geochemical parameters. Their integration has led to the development of multiple benthic condition indices (Rhoads & Germano 1982 , Findlay & Watling 1997 , Nilsson & Rosenberg 1997 , Fossing et al. 2004 , Hargrave et al. 2008 , Borja et al. 2009 , Wilson & Vopel 2012 , Simone & Grant 2017 . Several studies have suggested that recovery of macrofaunal communities from eutrophicated conditions under salmon farms requires considerably more time than chemical recovery (Chang & Page 2011 and references therein), making biological indicators a better indicator of recovery. However, a drawback of macrofaunal analysis is that it requires considerably more analysis time and expertise on the com position of local benthic communities (Wildish et al. 2001) . In contrast, geochemical indicators such as sediment sulfide, redox potential (Eh), and C org are widely applicable to any sedimentary environment, their response to organic enrichment is well understood, and cost-effective methods are available for routine analysis.
Sulfide is considered one of the major regulatory variables in Canada and elsewhere, yet models predicting sediment concentration are sorely lacking.
Modelling capability for these benthic variables and oxic state adds powerful capability to the regulatory regime. When linked to dispersion models and fish growth models, they can be used to predict fish biomass that relates to any given sulfide concentration in a particular sedimentary environment.
In this context, diagenetic models can serve as effective tools to predict: (1) values of environmental regulatory variables such as sulfide concentration, (2) the transition to suboxic conditions, (3) sustainable C org loading, and (4) recovery rates of organically enriched sediments. Applications cover the entire fish farm production cycle, including the a priori assessment of new aquaculture sites (e.g. license or lease applications), throughout operations (e.g. farm management plans, fallowing), and after complete cessation of aquaculture operations (e.g. site remediation plans).
Application to an ecosystem approach to aquaculture
Our model has demonstrated its application to nonaquaculture conditions in the 'ambient' scenarios. This outcome means that the model capability can be extended to the far-field. The present model is onedimensional but is readily extended to 2 or 3 dimensions when coupled with a circulation model. Its incorporation in spatially explicit simulations is expected to facilitate the development of spatial planning tools and the incorporation of an ecosystem-oriented approach to salmon aquaculture (Soto et al. 2011 , Fil gueira et al. 2014 . This is particularly relevant for areas of rapid expansion of salmon aquaculture such as Nova Scotia (Canada) and Southern Chile. Applications include aquaculture siting optimization and the evaluation of interactions of finfish aquaculture with other human activities, ecosystem services, and sensitive biological communities (e.g. shellfish aquaculture, C and nutrient cyc ling, nursery grounds). It is important to recognize that in a spatial mode, the model allows assessment of the distribution of sulfides, sediment carbon, etc. This spatial component allows scaling of potential impacts, and thus their interpretation in an appropriate context beyond merely local near-field effects.
